Abstract. Past studies have shown the importance of carbon sources and microbial inocula on the effectiveness of microbially-based passive systems for acid mine drainage treatment. It is clear that a mixture of labile and recalcitrant carbon sources is necessary to have efficient, long-term metal removal and alkalinity generation in these systems. However, almost all studies have been performed in columns or batch experiments using known mixtures of fresh substrates, rather than comparing field-scale passive treatment systems operating for different periods of time. For this study, a batch experiment using substrate cores from existing passive treatment systems of different ages was completed. Passive treatment systems included Mayer Ranch, OK; Hartshorne, OK; Red Oak, OK and SR109, PA. Batch experiments were set up under controlled conditions and the experiment run for 168 days with a weekly change of influent synthetic AMD. In terms of pH, it was determined that the reactors received AMD with 5.5+0.4 initially. Influent dissolved concentrations were 181+14 mg/L Ca; 0.09+0.03 mg/L Cd; 67.8+8.3 mg/L Fe; 65.3+4.7 mg/L Mg; 7.3+1.0 mg/L Mn; 44.8+5.5mg/L Na; 0.26+0.08mg/L Pb; 3.9+0.6mg/L Zn; and 817+80 mg/L SO 4 . The oldest substrate (>10 years) had a decrease in pH to 4.9+0.3. However, pH increased with younger substrate age reaching 7.3+0.2 in the youngest substrate. Similar results were observed with alkalinity, where the older system had an alkalinity of 6.0+2.9 mg CaCO 3 /L eq. and the youngest provided 830+615 mg CaCO 3 /L eq. Younger systems had higher sulfate reduction rates when compared to older systems. However, the rate decreased over time of the experiment. Results suggest that the performance of reactors declines with age of substrate. Chemical characterization of the organic substrates will provide insight into processes that account for observed differences in water quality.
Introduction
Mining activities including extraction and beneficiation cause detrimental impacts to the environment which are exacerbated when mines are no longer profitable leading into abandonment. Mine abandoned prior to passage of environmental regulations, often carry with them great amounts of waste and polluted water as well as open pits and mine shafts. Once abandoned, underground mines can fill up with water leading to the oxidation and dissolution of minerals present on the mine surfaces creating what is commonly referred to as acid mine drainage (AMD) (Banks et al., 1997; Watzlaf et al., 2004) . AMD, which often has low pH and elevated trace metals concentrations, can flow out of the underground mine through open shafts and pits. AMD has been documented to pollute groundwater aquifers, damage lakes' and rivers' aquatic life and habitat as well as cause land exposure through plant metal toxicity (EPA, 2004) .
In United States alone there are approximately 200,000 abandoned hard rock mines (EPA, 2004) , and yet more abandoned coal mines. Cleanup of the abandoned mines has proved to be an economic burden. According to EPA (2004) it has been estimated that it costs around $22 million on average to remediate one hard rock mining site. Cleanup efforts include removal and disposal of mining waste and treatment of AMD. Treatment of AMD can be done by two ways, active or passive (Johnson and Hallberg, 2005; Watzlaf et al., 2004; Younger et al., 2002) .
Active treatments are often not suitable for abandoned mines since these are often located in remote areas and these systems need constant operation and maintenance. An alternative for active treatment began to develop in early 1980s (Younger et al., 2002; Watzlaf et al., 2004) .
Passive treatment relies on natural processes for the attenuation of AMD. Passive treatment requires less operation and maintenance when compared to active treatments making them the preferred choice in difficult to access areas (Johnson and Hallberg, 2005) .
Vertical flow bioreactors (VFB), also known as reducing and alkalinity-producing systems, (RAPS) are one of the most important units of passive treatment (Johnson and Hallberg, 2005; Watzlaf et al., 2004) . These anaerobic cells rely on organic substrates for the supply of carbon for microbial activities. Sulfate reducing bacteria (SRB) use the carbon supplied in the substrate to reduce sulfate to sulfide and enhance the precipitation of metals as metals sulfides (Watzlaf et al., 2004) . Previous research have compared different organic substrates and their long term efficiency (Waybrant et al., 1998; Cocos et al., 2002; Waybrant et al., 2002; Figueroa et al., 2004; Watzlaf et al., 2004; Pruden et al., 2007) . However, there is still discussion as to which is the optimum mixture of substrates. Additionally although the decline of efficiency with time has been documented there is no systematical study comparing the effectiveness of substrates from systems of different ages. Therefore, substrates from different aged systems were compared for their improvement of water quality under controlled laboratory conditions. This paper describes the changes of water quality for each system analyzed. It was hypothesized that the water quality improvement will decline with time as each substrate "ages". Red Oak, Oklahoma. Coal mining in the Bache and Denman underground mine occurred from 1907 until 1925 when it was abandoned (Nairn, 2004) . The Red Oak system (RO) is located near Red Oak in eastern Latimer County, Oklahoma. RO has a total of 5 cells consisting of an oxidation pond (OP), two VFBs and two surface-flow (SF) ponds (Fig. 2) . Surface areas for individual cells vary and the first VFB has an approximate surface size of 0.075 ha (Nairn, 2004) . Construction of the system was finalized in October 2001 but problems delayed AMD flow until October 2002 and it has been flowing ever since. A high alkaline coal combustion product (CCP) was injected into the mine in 1997 and 2001 significantly changing mine water quality from the seep (Nairn, 2004; Winfrey et al., 2008) . Before injection water from the seep was net acidic, with low pH and higher metal concentration changing into higher alkalinity, circumneutral pH with lower metal concentrations after CCP injection (Winfrey et al., 2008) .
Methodology
Substrate samples were collected from the first VFB. The cell consists of a top layer of 1 m of standing water, a middle layer with 1 m of stable waste mix and limestone, and a 0.60 m bottom layer of gravel (Nairn, 2004) . The middle layer was built in an approximate 2:1 ratio by volume of horse manure/sawdust mix with high quality limestone (Nairn, 2004) . Water quality analysis Extreme variations in water quality parameters was observed during late 1990s and early 2000s, but in general the mine drainage was net acidic with elevated concentrations of iron and manganese (LaBar and Nairn, 2009 ). This 12 cell system is more complex than the previous two systems. Mine water flows through a vertical anoxic limestone drain (VALD) into a series of three oxidation ponds further divided by re-aeration berms (Cell 1, 3 and 5), two VFBs (Cell 2 and 4), and a polishing wetland (PW) ( (Nairn et al, 2009 ). The passive treatment system receives water from three borehole discharges (SA, SB and SD) and was designed with a common oxidation pond followed by two parallel trains to allow for maintenance redundancy and experimentation (Fig. 4) . Construction was completed late 2008 with a total of 10 cells.
Water from the seeps flows into an oxidation pond. Water is equally divided at the outflow of this pond flowing into pairs of surface flow wetland/ponds (C2S and N), VFBs (C3S and N), reaeration ponds (C4S and N) and horizontal-flow limestone beds (C5S and N). Water is combined at the outflow of the limestone beds flowing into a polishing wetland and then into an unnamed tributary (C6). The VFBs sampled (referred to as MR3S and MR3N in results) were built by using a mixed compost layer containing 45% spent mushroom compost, 45% hardwood chips and 10% manufactured limestone sand (Nairn et al., 2009 ). Water quality in Tar Creek and its tributaries has been monitored from 1998 with a monthly sampling schedule beginning in 2004 (Nairn et al., 2009) . AMD entering the system is net alkaline with elevated concentrations of Fe, Zn, Pb and Cd. Substrate Collection Substrate was collected from five different sites, four of which were passive systems. In each site, a composite sample was collected and used for experimental analysis. Care was taken in order to maintain anaerobic conditions at all times, since oxygen can affect the microbial composition of the organic substrates. Of the five systems, four were from VFBs belonging to RAPS, and one from a contaminated zone from the Tar Creek Superfund Site (Table 1) .
Samples from each site were collected by different methods (Table 1 ). The samples were collected into 0.5 L Whirl-Pack® sterile bags. Air was removed from the bags to ensure anaerobic conditions. The sample bags were then put into a cooler with ice and taken to University of Oklahoma CREW laboratories for analysis and construction of reactors.
Construction of Batch Reactors
Batch reactors were built with substrate from a single site in quadruplicate by using 1-L cubitainers. Each reactor contained approximately a 1:2 AMD:substrate ratio. Substrate dry weight was determined in triplicate prior to the construction of the batch reactors.
Approximately 5 g of wet substrate was weighed and dried at 105˚C for 24 hours. Since more than one bag was collected for each substrate a composite sample was prepared inside an anaerobic chamber by using the collected moist material, accounting for the dry weight for each bag. The reactors were rinsed with simulated mine drainage from a common source for seven weeks to allow for establishment of substrates. After seven weeks, effluent samples were collected on a monthly basis for 20 weeks. The reactors were incubated at room temperature (~20° C) taking care to minimize head space in the cubitainers after the addition of AMD.
Mine Water Formulation
All substrate reactors received synthetic mine drainage from a common source. Synthetic AMD was prepared weekly based on values previously reported in the literature (Pruden et al., 2007) as well as using average values for coal mines as reported in Watzlaf et al. (2004) . Water from the reactors was analyzed for dissolved oxygen (DO), pH, specific conductance (SC), total alkalinity, total and dissolved metals and anions on a monthly basis. SC, DO and pH were measured by using an Accumet AR60 bench top multimeter. Alkalinity was measured by 
Results and Discussion

pH and Alkalinity
Results for changes in pH and alkalinity can be observed in Fig. 5 and 6, respectively.
Younger systems had a higher pH increase when compared to the oldest operating system. In contrast, alkalinity generation was stable for older systems through the time of experimentation decreasing over time for MR3 systems. Differences in the changes in pH and alkalinity could be due to incorporation of limestone into the substrates of MR3N, MR3S, RO and RI7. Ca values increased in the effluent during the time of experimentation suggesting that limestone dissolution was a contributor for pH and alkalinity generation (see below). Whenever possible, bigger sizes of limestone were removed at time of experimental set-up, however the MR3 systems had sand size limestone which made its removal difficult. These results could be explained by the nature of the organic substrates including the acid neutralization capacity (ANC) of the soil, sulfate reduction rates and organic ligand exchange (Wieder, 1993; Waybrant et al., 1998 Waybrant et al., , 2002 . 
Sulfate reduction rates
Influent and effluent concentrations of sulfate can be observed in Fig. 8. MR3N and MR3S had the lowest sulfate concentrations which increased through the time of experiment. Sulfate reduction rates (SRR) were also calculated (Fig. 9) . RO, MR3N and 3S had higher SRR. Neculita et al. (2007) reports that the optimal SRR observed in the field is 0.3 mol/m 3 -d.
However, laboratory batch reactors using different reactive mixtures observed a SRR of 0.5 to 0.75 mol/m 3 -d . Field experiments using pilot scale bioreactors built with spent mushroom compost carried by Dvorak et al. (1992) found a SRR similar to those reported by Neculita et al. (2007) , 0.214 to 0.33 mol/m 3 -d. As pointed out by Neculita et al. (2007) batch reactors usually have higher SRR when compared to column and field VFBs which can be due to the differences in hydraulic retention times and variability of initial sulfate concentrations.
Past studies have shown that columns built with organic wastes need time to reach a pseudo steady-state (Pruden et al., 2007; Waybrant et al., 1998 Waybrant et al., , 2002 Zagury et al., 2006) . These results suggest that MR3N and 3S reactors were still adapting to the influent AMD although they were rinsed for 7 weeks prior to starting analysis. The decline in sulfate reduction could be explained by the use of the labile organic substrates by SRB. It has been shown in previous experiments that organic wastes contain a higher amount of simple sugars that are depleted over time (Waybrant et al., 1998 (Waybrant et al., , 2002 . Older systems like SR109, RI7 and RO had higher sulfate effluent concentration that at points were higher than the influent concentration suggesting lower SRB activity. Zagury et al. (2006) observed a similar behavior when doing batch reactors experiments with single substrates attributing the results to inhibitory characteristics of the substrates. As shown in previous studies, SRB thrive in an environment with pH 5 to 8 and a Zn concentration of <40mg/L (Neculita et al., 2007) . Influent Zn concentrations were 4.01+0.52 mg/L, considerably lower than inhibitory levels. SRB are heterotrophic or autotrophic bacteria that need an anoxic to anaerobic environment with redox potential lower than -100 mV (Neculita et al., 2007) .
DO values suggest that older systems with DO values >1 mg/L may have had an inhibitory effect on SRB. However, microenvironments created within the substrate may be responsible for the sulfate reduction observed in some of the older systems (Fortin et al., 1996; Stockdale et al., 2009) . As observed in the field, the organic layer in the VFBs creates the anaerobic conditions favorable for SRB through the oxidation of organic substrates (Watzlaf et al., 2004) .
Additionally, as mentioned above decreases in sulfate reduction rates in older systems may also be accompanied by a reduction in the simple organic sugars initially present in the organic wastes (Waybrant et al., 1998 (Waybrant et al., , 2002 ; suggesting that this may also had an effect in sulfate reduction rates in older systems. 
Calcium removal
Ca increased to up to 80% in RI7 reactors (Fig. 10) . However, MR3N and S reactors had
lower Ca values at the first point increasing through the time of experimentation (Table 2) .
MRF, RI7 and RO elevated concentrations of Ca could be due to accumulation of Ca in substrates overtime as shown by substrate analysis of Ca (data not shown). This increase could be due to the precipitation of Ca as calcite, aragonite and gypsum in the substrates over time (Waybrant et al., 1998 (Waybrant et al., , 2002 Zagury et al., 2006) . Additionally, limestone dissolution may have increased the concentrations of Ca in the effluent as indicated by the increase of pH and alkalinity. Past studies in passive treatments have observed an increase in Ca in the effluent water due to dissolution of limestone (Athay, 2003) . Furthermore, Hedin et al. (1994) observed that the increase in alkalinity in AMD is closely followed by Ca concentration in the effluent water attributed to calcite dissolution. Cadmium removal
Cd was removed in all reactors below detection limits (BDL). Influent Cd concentrations were 0.07+0.02mg/L with effluent values below 0.01mg/L for all reactors. Cd can be removed through precipitation as CdS (Hedin et al., 1994; Watzlaf et al., 2004) , adsorption to Fe(III)-hydroxides (Olivie-Lanquet et al., 2001; Carroll et al., 1998) and adsorption to organic ligands (Fristoe and Nelson, 1983 
Iron removal
Fe was removed in all reactors during the experiment (Table 3) . MRF exhibited the lowest percent removal (Fig. 11) . Removal mechanisms for Fe include formation of Fe-hydroxides (Hedin et al., 1994; Watzlaf et al., 2004) , FeS (Kolmert and Johnson, 2001) , combination with organic ligands (Fletcher and Beckett, 1987) and co-precipitation with phosphate (Omoike and Vanloon, 1999) . The presence of DO as well as the observation of orange precipitates in MRF, RI7 and SR109 reactors indicate that dissolved Fe was most likely removed as Fe(III)-hydroxide.
Furthermore, Hedin et al. (1994) and Watzlaf et al. (2004) showed that Fe ( (Table 4 ). In general RO had the lowest removal of Pb throughout the experiment followed by MRF (Fig. 12 ). MR3N and MR3S had similar removal rates which stayed constant through the time of experiment. SR109 and RI7 had a similar behavior having a drop in the percent removal at the last data point. Pb can be removed through formation of PbS (Hedin et al., 1994; Watzlaf et al., 2004; Younger et al., 2002) , adsorb and co-precipitate with Fe(III)-hydroxides (Carroll et al., 1998) , and by absorbing to organic ligands (Fletcher and Beckett, 1987 Influent and effluent Zn concentration are documented in Table 5 . Calculated Zn removal rates were over 80% for all reactors (Fig. 13) . Zn can be removed from solution as ZnS (Hedin et al., 1994; Watzlaf et al., 2004; Younger et al., 2002) , through adsorption to Fe(III)-hydroxides (Fletcher and Beckett, 1987; Norton et al., 2004; Gibert et al., 2005) , and through adsorption to organic ligands (Fletcher and Beckett, 1987; Gibert et al., 2005; Machemer and Wildeman, 1992; Norton et al., 2004 
